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• Hg biogeochemistry was compared for agricultural and non-agricultural wetland soils.
• MeHg concentrations were higher in agricultural wetland soils.
• Hg(II) availability for microbial methylation was linked to wetland management.
• Fe and S chemistry drove temporal changes in Hg cycling.
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As part of a larger study ofmercury (Hg) biogeochemistry and bioaccumulation in agricultural (rice growing) and
non-agricultural wetlands in California's Central Valley, USA, seasonal and spatial controls on methylmercury
(MeHg) production were examined in surface sediment. Three types of shallowly-flooded agricultural wetlands
(white rice, wild rice, and fallow fields) and two types of managed (non-agricultural) wetlands (permanently
and seasonally flooded) were sampled monthly-to-seasonally. Dynamic seasonal changes in readily reducible ‘re-
active’mercury (Hg(II)R), Hg(II)-methylation rate constants (kmeth), and concentrations of electron acceptors (sul-
fate and ferric iron) and donors (acetate), were all observed in response to field management hydrology, whereas
seasonal changes in these parameters were moremuted in non-agricultural managed wetlands. Agricultural wet-
lands exhibited higher sediment MeHg concentrations than did non-agricultural wetlands, particularly during the
fall through late-winter (post-harvest) period. Both sulfate- and iron-reducing bacteria have been implicated in
MeHg production, and both were demonstrably active in all wetlands studied. Stoichiometric calculations suggest
that iron-reducing bacteria dominated carbon flow in agricultural wetlands during the growing season. Sulfate-
reducing bacteria were not stimulated by the addition of sulfate-based fertilizer to agricultural wetlands during
the growing season, suggesting that labile organic matter, rather than sulfate, limited their activity in these wet-
lands. Along the continuumof sediment geochemical conditions observed, values of kmeth increased approximately
10,000-fold, whereas Hg(II)R decreased 100-fold. This suggests that, with respect to the often opposing trends of
Hg(II)-methylating microbial activity and Hg(II) availability for methylation, microbial activity dominated the
Hg(II)-methylation process, and that along this biogeochemical continuum, conditions that favored microbial
sulfate reduction resulted in the highest calculated MeHg production potential rates. Rice straw management
options aimed at limiting labile carbon supplies to surface sediment during the post-harvest fall–winter period
may be effective in limiting MeHg production within agricultural wetlands.
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1. Introduction

The bioaccumulation of toxic methylmercury (MeHg) in aquatic
food webs is of concern for wildlife and human health. From wet
meadows and lowland forests (Bradley et al., 2011), to hardwood
swamps (Hall et al., 2008), peatlands (Mitchell et al., 2009), floodplains
(Roulet et al., 2001), freshwater marshes (Gilmour et al., 1998) and
saltmarshes (Marvin-DiPasquale et al., 2003a), wetlands are known to
uction in sediment from agricultural and non-agricultural wetlands in
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be significant settings forMeHgproduction. However, the term ‘wetlands’
describes an extremely diverse range of habitats that vary in terms of
hydrology, salinity, climatic setting and vegetation; the common feature
among them being “…constant or recurrent, shallow inundation or
saturation at or near the surface of the substrate” (National Research
Council, 1995). Given this broaddefinition andwide range of ecological
settings, MeHg production efficiency likely differs among wetland
settings. As the number of wetland mercury (Hg) studies increases,
insight has been gained into which wetland types might be more (or
less) poised for enhanced MeHg production, and the relative impor-
tance of the environmental factors that control the Hg(II)-methylation
process.

Agricultural wetlands, and specifically those associated with rice
cultivation, are one wetland category that has received little attention
in terms of MeHg production. This lack of attention is surprising given
that ricefields are estimated to cover 1.5million km2 of the earth's land-
mass (Czech and Parsons, 2002). This bias may be due in part to the fact
that these highly manipulated landscapes are often not considered as
part of the spectrum of ‘natural’ wetland types that provide docu-
mented ecosystem function and that are more commonly the focus
of classic ecological study. However, rice fields and similar inundated
agriculture landscapes (cranberry bogs, taro, and lotus root fields) are
wetlands nonetheless, as defined above. Recently, studies in Asia have
reported elevated total mercury (THg) and MeHg concentrations in
rice grown in Hg-contaminated areas (Horvat et al., 2003; Rothenberg
and Feng, 2012; Shi et al., 2005), and that MeHg accumulates much
more readily than inorganic Hg(II) in the edible rice grain (Zhang
et al., 2010). Estimates of MeHg intake from rice consumption by local
residents range from concentrations below a threshold of concern
(Rothenberg et al., 2011) to those exceeding international guidelines
(Rothenberg et al., 2012). In several cases, it was concluded that rice
consumption, not fish, was the primary mode of MeHg uptake into
humans (Feng et al., 2008; Meng et al., 2010).

California is the second largest rice-producing state in the USA
(the first being Arkansas) (USDA, 2012), with 95% of rice growing
areas (approximately 2000 km2) in the Central Valley (California
Rice Commission, 2011). The Sacramento–San Joaquin Delta, within
the Central Valley region, drains the Coast Ranges to the west and
the Sierra Nevada to the east, both of which have multiple known
areas of Hg contamination associated with historic mining activities
(Alpers et al., 2005; Heim et al., 2007). Fish within the Delta region
have been found to have elevated Hg concentrations, and there exists
a recently approved MeHg Total Maximum Daily Load (TMDL) plan
for the Central Valley/Delta region (CVRWQCB, 2011). Given the legacy
of Hg contamination from mining, the elevated Hg concentrations in
fish, and the juxtaposition of extensive agricultural and non-
agricultural wetlands in the Central Valley, a study was conducted
to examine MeHg production and bioaccumulation in this region.
Recent reports from this work have indicated that the agricultural
wetlands associated with this region are potential ‘hot spots’ for
MeHg bioaccumulation in resident biota (Ackerman and Eagles-Smith,
2010; Ackerman et al., 2010). As part of this larger effort, the study de-
scribed herein focused on MeHg production in sediment from adjacent
agricultural and non-agricultural wetlands.

Our goal in the current study was to examine controls on MeHg
production in a rice growing setting, and to compare and contrast
that environment with adjacent fallow agricultural wetlands and
non-agricultural wetlands. This involved the analysis of a large suite of
geochemical and microbiological parameters tracked through the full
management cycle associated with rice production, including the
growing season, the harvest period, and the post-harvest season.
The methylation of inorganic divalent mercury (Hg(II)) to MeHg is
largely facilitated by a subset of sulfate-reducing bacteria (SRB)
(Compeau and Bartha, 1985; Gilmour et al., 1992) and iron-reducing
bacteria (FeRB) (Fleming et al., 2006; Kerin et al., 2006) in anoxic sedi-
ment. Thus, MeHg production is ultimately controlled by the presence
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and activity of those Hg(II)-methylating bacteria, as limited by temper-
ature, and the availability of electron acceptors (SO4

2− and Fe(III)) and/
or electron donor (labile organicmatter) availability, and bioavailability
of Hg(II) to these bacteria (Marvin-DiPasquale and Agee, 2003;Marvin-
DiPasquale et al., 2009c). Because both FeRB and SRB can play a role in
Hg(II)-methylation, and because FeRB can often outcompete SRB for
commonly used organic substrates when necessary electron acceptors
are available (i.e. Fe(III) and SO4

2−, respectively) (Achtnich et al.,
1995; Lovley and Phillips, 1987a), the two key objectives of this study
were to determine for adjacent agricultural and non-agricultural wet-
lands, a) where and when each of thesemicrobial processes dominated
carbon flow (C-flow) andMeHg production, and b)what factors under-
lie the spatial and temporal trends observed, with respect toMeHg pro-
duction and Hg speciation. To address these objectives we calculated
surface sediment MeHg production potential (MPP) rates using indepen-
dently measured proxies for the activity of the Hg(II)-methylating com-
munity (via 203Hg(II) radioisotope incubation) and Hg(II) availability
(i.e., the SnCl2 reducible ‘reactive’ mercury (Hg(II)R) assay), conducted a
detailed examination of sediment geochemistry, and estimated C-flow
through microbial iron(III) reduction (FeR) and sulfate reduction (SR)
by examining net temporal changes in relevant redox species.

2. Material and methods

2.1. Study area and field sampling

Three agricultural settings (white rice, wild rice, and fallow fields)
and two hydrologically distinct non-agricultural settings (seasonally
flooded and permanently flooded wetlands) were sampled. The species
Oryza sativawas grown in the ‘white rice’ fields, while the specialty crop
Zizania palustris was grown in the ‘wild rice’ fields. Two separate fields
were sampled for each of the three agricultural wetland types. One
seasonally flooded wetland (SW) was sampled. Of the two permanent
wetlands (PW2 and PW5), three sub-habitats were sampled in PW5:
non-vegetated open-water (PW5-ow), cattail (Typha sp.) dominated
(PW5-cat), and tule (Scirpus sp.) dominated (PW5-tule), all of which
were within 9 to14 m from each other. Sediment sampling locations
were near the wetland centers, rather than being located in areas of
hydrologic inputs or outputs (Windham-Myers et al., in this issue-a).

While the specific management of individual rice fields varied, as
determined by the farmer, the temporal sampling design focused on
three general periods defined by the rice management schedule: a)
the rice growing season (June through August), during which time the
rice growingfieldswereflooded; b) thewater drawdown/ harvest period
(September through November); and c) the post-harvest period
(November through February)when fieldswere re-flooded to decay re-
maining rice straw. There were six sediment sampling events between
June 2007 and February 2008. During the first sampling event (June
2007) two separate sites, 90 to 290 m apart, were sampled within
each wetland to examine within-field variability. Only one of the two
sites per wetland was revisited during subsequent sampling events.
To increase the number of non-agricultural sites, and for comparison
to PW5-ow, site PW2 was added during the last two sampling events.
Table S1 (Supplemental Information) summarizes the sampling sched-
ule and thehydrologic status of eachwetland. A sitemap and further de-
tails on the study area, hydrology, wetland management schedule and
project sampling schedule are detailed elsewhere (Windham-Myers
et al., in this issue-a).

The surface 0 to 2cmdepth interval of sedimentwas sampled andpre-
served on ice as previously described (Marvin-DiPasquale et al., 2009a).
Further sub-sampling was conducted at the USGS laboratory in Menlo
Park, CA, 1 to 2days after field collection. Field parameters measured in-
cluded sediment temperature, pH, andEh (oxidation–reductionpotential)
(Marvin-DiPasquale et al., 2009a). In rice growing fields, rice plant roots
were concentrated in the surface 0 to 2 cm interval sampled during the
peak of the growing season (L. Windham, personal communication)
uction in sediment from agricultural and non-agricultural wetlands in
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and decreased in biomass to a depth of approximately 20 to 30 cm
(Windham-Myers et al., in this issue-c). In addition to the above sampling
schedule, Fields #32 and #65 (both managed as wild rice fields during
June 2007 thru February 2008) were re-sampled for Hg-speciation only
during July 2008, while fully dry and being held as fallow fields for the
2008 growing season.
2.2. Laboratory analyses

Sediment and pore-waterwere sub-sampled in the laboratory under
anaerobic conditions (Marvin-DiPasquale et al., 2009a). Pore-waterwas
initially extracted via centrifugation and subsequently filtered (0.45μm
nylon filter). Table 1 summarizes the sediment and pore-water parame-
ters measured, the notation used in the remainder of this report, and the
methods used. Samples that were incubated for MPP and SR rates were
incubated in parallel at the average field temperature (±1 °C) for that
sampling event. Details regarding the 203Hg(II) radiotracer amendment
incubations used to measure the Hg(II)-methylation rate constant
(kmeth) are given as Supplemental Information (Section A). A summary
of quality control and assurance measurements for all analytes listed in
Table 1 is given as Supplemental Information (Section B), including in-
formation regarding holding times, method detection limits, method
blanks, field duplicates, analytical duplicates, matrix spike recoveries,
and certified reference material recoveries.

The one method not detailed in the references provided in Table 1
relates to themeasurement of stable sulfur isotopes of pore-water sulfate
(pw[δ34SO4

2−]), which is described here. Pore-water was initially
sub-sampled into crimp-sealed vials under anaerobic conditions
and preserved frozen. Upon thawing, samples were acidified with
HCl to a pH of 3 to 4, stripped of dissolved sulfide with nitrogen
gas, and diluted with deionized water. Dissolved pore-water sulfate
(pw[SO4

2−])was precipitated as bariumsulfate by the addition of excess
barium chloride. The precipitate was filtered onto 0.45μm cellulose ac-
etate membrane filters, dried at 50 °C, and transferred into borosilicate
Table 1
Methods summary for sediment and pore-water parameters.

Notation Analyte

Sediment mercury parameters
THg Total mercury
MeHg Methylmercury
Hg(II)R Inorganic reactive mercury
kmeth MeHg production potential rate constant via 203Hg(I
MPP MeHg production potential rate (calculated)

Sediment non-mercury parameters
SR Microbial sulfate reduction rate
AVS Acid volatile sulfur
TRS Total reduced sulfur
Fe(II)AE Acid extractable ferrous iron [Fe(II)]
Fe(III)a Amorphous (poorly crystalline) ferric iron [Fe(III)]
Fe(III)c Crystalline ferric iron [Fe(III)]
%LOI Percent weight loss on ignition
GS Grain size (%b63 μm)
Eh Oxidation–reduction potential
pH pH

Pore-water parameters
pw[δ34SSO4] 34S/32S isotope ratio in aqueous sulfate relative to

Vienna–Cañon Diablo Troilite (V-CDT) standard
pw[SO4

2−] Sulfate
pw[Cl−] Chloride
pw[Fe(II)] Ferrous iron [Fe(II)]
pw[DOC] Dissolved organic carbon
pw[H2S] Sulfide
pw[ALK] Bicarbonate alkalinity (HCO3

−)
pw[Ac] Acetate

Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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glass vials until further processing (Carmody et al., 1998). Precipitate
subsamples (ca. 0.35mg) were transferred into 5×9mm tin capsules,
amended with approximately 2 mg of vanadium pentoxide, and
crimp sealed. Samples were then combusted and analyzed for stable
S isotope composition (Giesemann et al., 1994) using a Costech Analyt-
ical Inc. elemental analyzer (model ECS4010) coupled to a Thermo-
Finnigan Delta Plus XP mass spectrometer operated in continuous
flowmode. Stable isotope compositions are expressed in delta (δ) nota-
tion as per mil (‰) deviations relative to a standard:

δ34S ¼ Rsample=Rstandard

� �
–1 ð1Þ

where R refers to the 34S/32S isotope ratio. Values of δ34S are expressed
relative to the Vienna-Cañon Diablo Troilite (V-CDT) by normalization
using primary sulfate standards (IAEA-SO-6 = −34.1‰, NBS127 =
21.1‰); precision was ±0.2‰. For a number of samples, the pw[SO4

2−]
concentration was too low for δ34S measurement.

2.3. Statistics

Data were analyzed using TICBO Spotfire S+ (version 8.1) statistical
software. Type II error probability was set at p b 0.05 for all statistical
tests, unless otherwise noted. The two-sided Kolmogorov–Smirnov
‘goodness of fit’ test was performed on the residuals for each parameter
listed in Table 1, and indicated that a minority (30%) were normally
distributed. Logarithmic (base 10; LOG10) transformation increased
this to 65%, with the remaining 35% of all parameters still being not
normally distributed. Thus, median and interquartile ranges (IQR;
25th–75th percentile range) are generally reported. LOG10 transformed
data were used, when appropriate, for Pearson's correlation (correlation
coefficient reported as rp) and regression analysis only. The non-
parametric Wilcoxon Rank Sum (WRS) test was used on non-
transformed data (only) to comparemedians for data grouped by habitat
type (agricultural vs. non-agricultural wetlands) and by time period in
Method citation

Marvin-DiPasquale et al. (2011)
Marvin-DiPasquale et al. (2011)
Marvin-DiPasquale et al. (2011)
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agricultural wetlands (growing season [June–August] vs. the post-
harvest period [December–February]). In cases where left-censored
(less than reporting limit) data existed for a given parameter, summary
statistics (medians and IQRs) were calculated on non-transformed data
using ‘maximum likelihood estimation’ (Helsel, 2005) sub-routines de-
veloped by the USGS for the S+ statistical platform.

2.4. Assessing time integrated microbial iron and sulfate reduction rates

Although SR rate measurements via short-term radiotracer
(i.e. 35SO4

2−) incubation have long been a standard approach for
assessing this microbial process in aquatic systems (Jørgensen, 1978),
and were used in this study, a parallel approach for assessing rates of
microbial FeR via short-term radiotracer amendments has proven prob-
lematic due to very rapid abiotic back-reactions associated with Fe(II)
oxidation (Roden and Lovley, 1993). An alternative approach was thus
used both to estimate net Fe(III) reduction (and Fe(II) oxidation) and
to compare apparent net rates of FeR and SR more directly at our study
sites. Site-specific, average daily rates of change for all sediment and
pore-water Fe and S species concentrations were calculated for the peri-
od between each two successive sampling dates to assess all net changes
in Fe(III)-reduction, Fe(II)-oxidation, SO4

2− reduction and S2− oxidation.
Concentration changes in all Fe and S pools were assumed to encompass
bothmicrobial and abiotic reactions. After considering the rate data for all
pools (See Section 3.3), it was decided that average daily rates of bulk
sediment total ferric iron (Fe(III)T) decrease and total reduced sulfur
(TRS) increase would be used for estimating C-flow through microbial
FeR and SR, respectively, using the generalized stoichiometry (Finke
et al., 2007):

Fe IIIð Þ−reduction : CH2Oþ 4Fe OHð Þ3→HCO3
− þ 4Fe2þ þ 3H2Oþ 7OH−

ð2Þ

SO4
2−reduction : 2CH2Oþ SO4

2−→2HCO3
− þ HS− þ Hþ ð3Þ

where CH2O represents generic organic matter.

3. Results and discussion

The sedimentmicrobiology and biogeochemistry associatedwith rice
growing wetlands has been an area of active research for decades (Kirk,
2004), with much of this research focused on the rhizophere zone as it
relates to Fe chemistry (Begg et al., 1994; Kirk and Bajita, 1995), nutri-
ents (Kirk and Du, 1997; Kirk, 2003; Klüber and Conrad, 1998 (Kirk
and Du), methane production and oxidation (Chanton et al., 1997;
vanderGon and Neue, 1996), and the competition among terminal elec-
tron accepting microbial processes (Achtnich et al., 1995; Bodegom and
Stams, 1999; Liesack et al., 2000; Reichardt et al., 1997). Only recently
has attention begun to be focused on the role of rice agriculture as it re-
lates to biogeochemistry and ecological implications of potentially toxic
metals such as selenium (Fang et al., 2010), cadmium (Liu et al.,
2010), arsenic (Liang et al., 2010; Yun et al., 2010) and mercury
(Ackerman and Eagles-Smith, 2010; Ackerman et al., 2010; Feng et al.,
2008; Meng et al., 2010; Rothenberg and Feng, 2012; Rothenberg
et al., 2011; Rothenberg et al., 2012; Shi et al., 2005; Zhang et al., 2010).

Site-specific non-parametric summary statistics (median, IQR, and
the number of observations) for all analytical parameters are given as
Supplemental Information (Tables S2a and S2b). Site-specific average
daily rates of changes between consecutive sampling events and for de-
fined study periods (e.g. the rice growing season) are presented for all
Hg metrics (Table S3) and for all redox-sensitive Fe (Table S4) and S
(Table S5) species as Supplemental Information.
Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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3.1. Spatial and temporal trends of mercury metrics

Non-parametric WRS test results of spatial (agricultural vs. non-
agricultural wetlands) and temporal (growing vs. post-harvest season)
comparison of medians between paired groupings are given in Tables 2
and 3, respectively. Mercury parameters (including THg, Hg(II)R, kmeth,
MeHg, and MPP) are plotted by habitat type and in time series to illus-
trate both spatial and temporal data trends (Supplemental Information
Fig. S1A–S1E, respectively).

Although sediment THg concentration varied little over time at any
given site, therewere differences among habitat types (Fig. S1A). Agricul-
tural wetlands had significantly more THg in surface sediment than non-
agricultural wetlands (Table 2). This difference in THg concentration was
at least partially due to an east–west gradient in THg,with concentrations
increasing approximately 4-fold overall from east to west (Supplemental
Information Fig. S2). However, there was no statistically significant
east–west gradient (least-squared regression slopes for THg vs. Longi-
tude plots not significantly different from zero) when grouped solely
by agricultural or by non-agricultural habitat type (not shown). Instead
there appeared to be amarked increase in THg concentrationwest of−
121.603° longitude, with a more than 2-fold higher THg concentrations
in the agricultural wetlands (west) than the non-agricultural wetlands
(east) (Table 2). Therewere no significant differences in THg concentra-
tion among agricultural wetlands grouped by season (growing vs. post-
harvest, Table 3).

Agricultural wetlands had significantly higher (N20-fold) sediment
Hg(II)R concentrations than did non-agricultural wetlands (Table 2,
Fig. S1B). During the June–August growing season, Hg(II)R concentra-
tions decreased in agricultural wetlands, followed by an increase during
August–December, when the fields were drained and rice harvested.
During the December–February post-harvest and reflooding period,
Hg(II)R concentrations again decreased. There were no significant dif-
ferences in Hg(II)R concentration among agricultural wetlands grouped
by season (Table 3). However, the mean Hg(II)R concentration for the
dry and fallow fields #32 and #65 during July 2008 (15.8±1.0 ng g−1

dry wt., n = 6) was 3-fold greater (ANOVA, P b 0.0001) than during
July 2007 (4.8± 0.9 ng g−1 dry wt., n= 2), when the same two fields
were wetted and being managed for wild rice (Fig. S1B), even though
THg concentrations were similar for these two fields during July 2007
(338± 37 ng g−1 dry wt., n= 2) and July 2008 (317± 54 ng g−1 dry
wt., n=6) (Fig. S1A). In fact, the Hg(II)R concentrations associated with
the samples collected during July 2008 (range=14.0 to 17.1ng g−1 dry
wt., n=6) were higher than any of the samples collected from any site
during the principal study period (June 2007 thru February 2008).
This suggests that periods of wetland drying were also associated with
an increase in Hg(II) availability, although the microbes associated
with Hg(II)-methylation were very likely not active during periods of
desiccation and soil oxidation.

Both spatial and temporal trends in sediment Hg(II)R concentration
were largely themirror opposite of trends in kmeth, particularly for agri-
cultural fields (cf. Figs. S1B and S1C). Across all sites and dates, LOG10

[kmeth] and LOG10[Hg(II)R] concentration exhibited a strong negative
correlation (rp=−0.74, pb0.001, Fig. 1). Median values of kmeth were
significantly higher (ca. 15-fold) in non-agricultural wetlands compared
to agricultural wetlands (Table 2). After initially increasing throughout
the growing season (June–August), kmeth values in most fields decreased
during the August–December period, when agricultural wetlands were
drained and rice harvested, and then increased again during December–
February, particularly for thewhite ricefields (Supplemental Information,
Table S3 and Fig. S1C). There were no significant differences in kmeth

values among agricultural wetlands grouped by season (Table 3).
BecauseMPP rates are a function of both kmeth and Hg(II)R, opposing

spatial and temporal trends for these two parameters (Fig. 1), resulted
in MPP rates that were similar among wetland types throughout most
of the year (Fig. S1D). There was no significant difference between agri-
cultural and non-agricultural wetlands (Table 2) or between growing
uction in sediment from agricultural and non-agricultural wetlands in
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Table 2
Wilcoxon rank sum results comparing sediment and pore-water data grouped as agricultural versus non-agriculturalwetlands. [The non-parametricWilcoxon rank sum (WRS) comparison of
medians included all sites and sampling dates. The first quartile (Q1, 25th percentile), median (50th percentile), third quartile (Q3, 75th percentile) and the number of observations (N) are
shown, alongwith all results frommercurymetric comparisons. Only significant results for non-mercurymetrics are shown. Significant differences between groupings at probability levels of p
b 0.05 and p b 0.10 are indicated as ‘***’ and ‘*’, respectively. Non-significant differences are indicated as ‘NS’. Parameter notation defined in Table 2.]

Parameter (units) Agricultural Non-Agricultural WRS

25th % Median 75th % N 25th % Median 75th % N

Sediment mercury parameters
THg (ng g−1) dry wt. 300 330 377 (36) 128 142 154 (20) ***
Hg(II)R (ng g−1) dry wt. 1.06 4.37 8.57 (36) 0.14 0.20 0.25 (20) ***
%Hg(II)R (% of THg) 0.32 1.33 2.39 (36) 0.11 0.14 0.20 (20) ***
MeHg (ng g−1) dry wt. 1.80 2.24 2.98 (36) 1.30 1.49 2.35 (20) ***
%MeHg (% of THg) 0.52 0.73 1.00 (36) 0.90 1.04 1.42 (20) ***
kmeth

a (d−1) 6.4 × 10−4 9.9 × 10−3 8.8 × 10−2 (36) 6.7 × 10−2 1.5 × 10−1 4.3 × 10−1 (20) ***
MPP rate a (pg g−1 d−1) dry wt. 4.5 29.7 88.9 (36) 9.8 29.6 48.5 (20) NS

Sediment non-mercury parameters
AVS (μmol g−1) dry wt. 0.36 0.79 4.43 (36) 7.36 12.86 25.32 (20) ***
TRS (μmol g−1) dry wt. 0.95 2.13 4.80 (36) 13.6 21.6 35.3 (20) ***
SR rate (pg g−1) dry wt. 4.3 10.8 30.0 (35) 14.0 25.7 44.1 (20) *
Fe(II)AE (mg g−1) dry wt. 2.33 3.28 6.40 (36) 5.89 6.94 7.68 (20) ***
Fe(III)a a (mg g−1) dry wt. 0.44 0.53 0.77 (36) 0.014 0.031 0.063 (20) ***
Fe(III)c (mg g−1) dry wt. 10.7 13.1 15.6 (36) 4.26 5.72 7.20 (20) ***
FeT b (mg g−1) dry wt. 16.6 17.8 18.9 (36) 11.3 12.9 14.1 (20) ***
%Fe(II)AE c (% of FeT) 12.1 19.5 38.4 (36) 45.7 57.0 60.2 (20) ***
%LOI (% of dry wt.) 6.4 6.8 7.3 (36) 6.9 8.1 9.6 (20) ***
GS (% b63 μm) 70 78 89 (36) 56 63 80 (20) ***
Eh Field (mv) 67 149 202 (35) −2 40 81 (19) ***
Eh Lab (mv) −33 76 155 (36) −96 −1 22 (20) ***
Bulk density (g cm−3) wet wt. 1.47 1.51 1.53 (36) 1.30 1.39 1.44 (20) ***
Dry wt. (% of wet wt.) 57.5 58.7 60.7 (36) 40.0 50.2 55.6 (20) ***
Porosity (mL cm−3) 0.59 0.62 0.64 (36) 0.64 0.70 0.76 (20) ***

Pore-water non-mercury parameters
pw[SO4

2−] (mmol L−1) 0.44 0.89 1.60 (36) 0.01 0.10 0.35 (20) ***
pw[Cl−] (mmol L−1) 2.64 3.52 4.40 (36) 1.28 1.96 2.54 (20) ***
pw[SO4

2−/Cl−] (unitless) 0.18 0.27 0.38 (36) 0.00 0.06 0.20 (20) ***
pw[δ34SSO4] (‰, V-CDT) 0.38 3.68 10.71 (28) 3.88 13.85 17.99 (8) *
pw[Fe(II)] a (mg L−1) 0.005 0.055 0.31 (36) 0.19 0.47 1.00 (20) ***
pw[ALK] (mg L−1) as HCO3

− 485 542 668 (33) 347 418 522 (20) ***
pw[DOC] (mg L−1) as C 14.0 19.0 24.9 (34) 10.5 12.0 15.5 (20) ***

a Parameter contains left-censored (less than) data. Quartiles calculated using ‘maximum likelihood estimate’ statistics (Helsel, 2005).
b Total Iron (FeT); calculated as FeT= Fe(II)AE+ Fe(III)a+ Fe(III)c.
c Percentage of FeT as Fe(II)AE (%Fe(II)AE); calculated as %Fe(II)AE= Fe(II)AE/FeT × 100.

Table 3
Wilcoxon rank sum results comparing sediment and pore-water data from agricultural wetlands grouped as growing season versus post-harvest season. [The non-parametric Wilcoxon rank
sum (WRS) comparison ofmedians included all sampling dates and agricultural wetlands (only). The first quartile (Q1, 25th percentile), median (50th percentile), third quartile (Q3, 75th per-
centile) and the number of observations (N) are shown, alongwith all results frommercurymetric comparisons. Only significant results for non-mercurymetrics are shown. Significant differ-
ences between groupings at probability levels of p b 0.05 and p b 0.10 are indicated as ‘***’ and ‘*’, respectively. Non-significant differences are indicated as ‘NS’. Parameter notation defined in
Table 1.]

Parameter (units) Growing Season Post-Harvest WRS

25th % Median 75th % N 25th % Median 75th % N

Sediment mercury parameters
THg (ng g−1) dry wt. 301 345 378 (22) 300 324 367 (14) NS
Hg(II)R (ng g−1) dry wt. 0.90 2.84 7.52 (22) 3.44 4.84 9.40 (14) NS
%Hg(II)R (% of THg) 0.25 1.04 2.16 (22) 1.00 1.62 2.80 (14) NS
MeHg (ng g−1) dry wt. 1.49 1.94 2.26 (22) 2.53 3.17 4.06 (14) ***
%MeHg (% of THg) 0.39 0.56 0.82 (22) 0.72 1.01 1.07 (14) ***
kmeth

a (d−1) 6.4 × 10−4 1.3 × 10−2 7.0 × 10−2 (22) 6.5 × 10−4 6.5 × 10−3 1.1 × 10−1 (14) NS
MPP a (pg g−1 d−1) dry wt. 4.5 22.1 88.7 (22) 4.5 35.7 94.0 (14) NS

Sediment non-mercury parameters
SR (pg g−1) dry wt. 10.4 13.0 34.3 (21) 1.12 2.14 21.6 (14) ***
GS (% b63 μm) 68 71 79 (22) 83 91 93 (14) ***
Eh Field (mv) 63 103 175 (21) 143 192 293 (14) *
Eh Lab (mv) −60 −26 133 (22) 58 111 201 (14) ***
bulk density (g cm−3) wet wt. 1.51 1.52 1.54 (22) 1.44 1.47 1.51 (14) ***
Porosity (ml cm−3) wet wt. 0.62 0.63 0.64 (22) 0.57 0.59 0.64 (14) *
Temp Field (°C) 19 23 28 (22) 10 12 15 (14) ***

Pore-water non-mercury parameters
pw[Cl−] (mmol L−1) 3.1 4.0 4.9 (22) 1.1 2.6 4.1 (14) ***
pw[ALK] (mg L−1) as HCO3

− 531 602 677 (20) 423 508 524 (13) ***
pw[DOC] (mmol L−1) 15.6 22.4 30.2 (20) 11.1 13.7 19.7 (14) ***

a Parameter contains left-censored (less than) data. Quartiles calculated using ‘maximum likelihood estimate’ statistics (Helsel, 2005).
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Fig. 1. Log–log plots of surface sediment (0–2 cm) reactive inorganic mercury (Hg(II)R)
concentration versus the 203Hg(II)-methylation rate constant (kmeth). The Pearsonproduct
correlation coefficient (rp) and probability (p) are given.

6 M. Marvin-DiPasquale et al. / Science of the Total Environment xxx (2013) xxx–xxx
and post-harvest seasons (Table 3). The exception to this otherwise un-
remarkable suite of trends was during the post-harvest season, when
MPP rates for wild rice fields peaked during December (167± 161 pg
g−1 d−1, dry wt.; n=3) and those for white rice fields peaked during
February (274±180pgg−1 d−1, dry wt.; n=2) (Fig. S1D). In contrast
toMPP, sedimentMeHg concentrations (and%MeHg)were significantly
different by habitat type (agriculturalNnon-agriculturalwetlands; Table 2
and Fig. S1E), and season (post-harvestN growing season; Table 3).

Samples collected during July 2008 from the dry fallow fields had a
mean sediment MeHg concentration (3.19±1.60ngg−1 dry wt., n=6)
that was approximately twice that measured for the same two fields
during July 2007 (1.62 ± 0.15 ng g−1 dry wt., n = 2), while flooded
and being managed for wild rice production (Fig. S1E). The July 2008
mean MeHg concentrations were also higher than at any other time
these two fields were sampled, except for during February 2008 (5.16±
1.01ngg−1 dry wt., n=2) (Fig. S1E). It seems a likely scenario that be-
tween February and July 2008, when fields #32 and #65 were
transitioned from wild rice to fallow and allowed to dry, some degree
of net MeHg degradation occurred, but that a substantial fraction of
the MeHg formed during the winter months was ultimately preserved
in the desiccated sediment. Thus, the previous report of a sharp increase
in surface water MeHg within days of reflooding managed wetlands
within the Yolo Bypass (Marvin-DiPasquale et al., 2009a) may be
accounted for by either a) the rapid release of MeHg formed during
the previous wet period and preserved in dried sediment, b) a rapid re-
sponse of microbial activity to reflooding, associated with the produc-
tion of new MeHg produced from the elevated Hg(II)R pool measured
in the same dried substrate collected during July 2008 (as noted
above), or c) some combination of these two processes. A similar
spike in sediment MeHg concentrations after the rewetting of previously
dried rice paddy soil was also reported by Rothenberg and Feng (2012).
3.2. Spatial and temporal trends of non-mercury metrics

Of the many non-mercury sediment and pore-water parameters
measured (Table 1), those discussed in detail below appear the most
relevant with respect to understanding and describing what controls
Hg(II)-methylation among the habitat types studied. These key param-
eters are plotted in time-series graphs, by habitat type, to illustrate both
spatial and temporal trends associated with S (Supplemental Informa-
tion, Fig. S3A–S3F), Fe (Fig. S4A–S4D), and C chemistry along with
sediment Eh and pH (Fig. S5A–S5F).
Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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3.2.1. Sulfur chemistry
Median pw[SO4

2−] was significantly higher (N9-fold) in agricultural
wetlands than in non-agricultural wetlands (Table 2; Fig. S3A). This dif-
ference is at least partially explained by the fact that the agricultural wet-
lands routinely receive fertilizer amendments, in the form of ammonium
sulfate ((NH4)2SO4) and zinc sulfate (ZnSO4), when in rice production.
For the current study sites, thewhite andwild ricefields received one ap-
plication of sulfate-bearing fertilizers just days prior to our first sampling
event in June 2007, a second application to the white rice fields 1 to 2
weeks prior to the second sampling event (July 2007), and a second ap-
plication to thewild rice fields immediately following the July 2007 sam-
pling. The fallow fields received no fertilizer amendment during our
study. With a fertilizer application rate of approximately 337 to 421 kg
per hectare (Jack DeWit, rice farmer, personal communication), this cor-
responds to a sulfate application rate of approximately 119 to 268 kg
SO4

2− per hectare for the white andwild rice fields during the study peri-
od (for more detail, see Alpers et al., this issue).

For both thewhite ricefields and the permanently floodedwetlands,
the dominant seasonal pattern in pw[SO4

2−] included a decrease during
the growing season, an increase during the draining/harvest period, and
a decrease again during the post-harvestwinter period (Fig. S3A). How-
ever, for both wild rice and fallow fields pw[SO4

2−] increased from the
beginning of the growing season (June) until after the draining/harvest
period (December), and then sharply decreased during the post-harvest
(December–February) period. Although the observed increase in pw
[SO4

2−] from June–December in the wild rice fields may be explained
by the fertilizer application described above, this trend is in contrast to
what was observed for the similarly amended white rice fields, and
would not explain the rise in pw[SO4

2−] for the (non-fertilized) fallow
fields. An alternative explanation is that the increase in salinity observed
in the wild rice fields during the growing season, as evidenced by pore-
water chloride (pw[Cl−]) data (not shown), reflect very high rates of
transpiration through the rice plants during the growing season
(Bachand et al., this issue; Windham-Myers et al., in this issue-b),
which drove a commensurate increase in pw[SO4

2−].
Because Cl− is a conservative element in the environment, affected

primarily by dilution and evaporative concentration, the pore-water
sulfate-to-chloride molar ratio (pw[SO4

2−/Cl−]) allows us to separate
changes in pw[SO4

2−] concentration due to microbiological and abiotic
chemical reactions from those based solely on physical dilution or evap-
orative concentration (Marvin-DiPasquale et al., 2003b). The time-
series plot of the pw[SO4

2−/Cl−] ratio data (Fig. S3B) more clearly
shows the relative changes in pw[SO4

2−] due to microbiological and/or
abiotic reactions, with both white and wild rice fields exhibiting a
general decrease during the growing season, indicative of microbial
SR. All agricultural wetlands showed a marked increase during August
to December, which suggests the oxidation of reduced-S compounds
during the draining period. This was followed by a marked decrease in
the pw[SO4

2−/Cl−] ratio duringDecember to February for all agricultural
wetlands, which is consistent with a second period of enhanced SR
during the post-harvest period.

The pore-water sulfide (pw[H2S]) and elevated sediment TRS con-
centrations are considered indicative of past or current microbial SR ac-
tivity. Although both were present, pw[H2S] was uniformly low for all
sites and sampling dates, rarely exceeding 2 μmol L−1 (Fig. S3C). This
suggests either rapid sulfide oxidation or precipitation into solid-
phase Fe–S minerals. There were no significant differences (WRS test)
in pw[H2S] among wetlands grouped by habitat or by season. In
contrast, the seasonal pattern in TRS among all agricultural wetlands
(as well as the permanent wetland) included an increase during the
growing season, a decrease during the draining period, and a second
increase during the post-harvest winter period (Fig. S3D); a pattern
that was the mirror opposite of pw[SO4

2−/Cl−] (Fig. S3B) and
sediment Eh (Fig. S5E), with agricultural wetland TRS negatively cor-
related with both pw[SO4

2−/Cl−] (rp=−0.59, pb0.0001) and field Eh
(rp = −0.54, p b 0.001). Median concentrations of TRS and acid-
uction in sediment from agricultural and non-agricultural wetlands in
g/10.1016/j.scitotenv.2013.09.098
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volatile sulfur (AVS) (not shown in time-series) were significantly
higher (ca. 10-fold) in non-agricultural wetlands as compared to
agricultural wetlands (Table 2). No significant differences in TRS or
AVS concentrations were found when data were grouped by season
(WRS test).

Similar to the seasonal trend in sediment TRS concentration, SR rates
were higher in non-agricultural wetlands (ca. 2-fold) compared to agri-
cultural wetlands (Table 2, Fig. S3E). Temporally, SR rates in agricultural
wetlandswere significantly higher during the growing season (ca. 6-fold)
compared to the post-harvest season, consistent with the temporal trend
in field temperature (Table 3).

Greater SR in non-agricultural wetlands led to isotopically heavier
(higher pw[δ34SSO4]) sulfate than in agricultural wetlands (Fig. 2 and
Table 2). Sulfate reduction fractionates the isotopic composition of
sulfate and sulfide such that during SR the residual (unused) pore-
water sulfate becomes enriched in the heavy (34S) isotope, whereas
the reduced end-product (e.g. sulfide) is depleted in 34S (Sharp, 2007).
This interpretation is supported by the positive correlation between ra-
diotracer derived SR rates and pw[δ34SSO4] (Fig. 2A) and the negative
correlation between the pw[SO4

2−/Cl−] and pw[δ34SSO4] (Fig. 2B). It is
also noteworthy that pw[δ34SSO4] values in the agricultural wetlands
were in the range of valuesmeasured for the sulfur containing fertilizer
applied to the fields (2.5–4.0‰ V-CDT, weighted average) during the
beginning of the growing season (June–July). However, by the end of
the growing season (August), bothwild rice andwhite rice fields had pw
[δ34SSO4] values substantially higher (18–19‰ V-CDT) than this initial
range, indicating active SR during that latter phase of crop growth
(Fig. S3F).

The pw[δ34SSO4] data also provide some evidence as to the extent of
reduced-sulfur oxidation among the various habitat types. When
reduced-sulfur compounds are oxidized back to SO4

2−, the isotopic com-
position of the resulting SO4

2− is similar to the parent reduced-sulfur
compounds (i.e. little isotopic fractionation and low δ34S value is largely
retained) (Balci et al., 2007). The only instances of isotopically depleted
pw[δ34SSO4] (b0‰) occurred exclusively in agricultural wetlands, and
only at sites with high Eh values (N+ 150 mv; Fig. 2C). This suggests
that there is a substantial amount of reduced-sulfur oxidation that
occurs within agricultural wetlands compared to non-agricultural
wetlands, potentially related to routine annual soil tilling and harvest
that is associatedwith agriculturalfields. Collectively, these results indi-
cate higher rates of microbial SR and a higher degree of reduced sulfur
preservation (and less oxidation) in non-agricultural wetland sites,
most likely from the precipitation of H2S with dissolved iron to form
Fe–S minerals.

The addition of SO4
2− -bearing fertilizer did not appear to stimulate

microbial SR. Non-fertilized wetlands had higher SR rates, compared
to the agricultural wetlands, during the first two sampling events
(June & July), and toward the end of the growing season (late August)
the highest SR rates were observed in the non-fertilized fallow fields
(Fig. S3E). Furthermore, pw[SO4

2−] in surface sediment associated
with agricultural wetlands (including non-fertilized fallow fields) well
exceeded the 0.03 mmol L−1 concentration threshold (Table S2a)
above which SO4

2− no longer limits microbial SR rates in freshwater
systems (Lovley and Klug, 1986; Roden and Tuttle, 1993). Only in
seasonal wetland and cattail-dominated permanent wetland sites
were SO4

2− concentrations below 0.03mmol L−1. This suggests that
labile organic matter, rather than sulfate, limited SR rates in the
0–2cm surface sediment of the agricultural wetlands studied during
the growing season and post-harvest period.

3.2.2. Iron chemistry
Although the rate of microbial FeR was not measured directly,

multiple iron pools were tracked throughout the study, which provides
a dynamic picture of seasonal and spatial iron cycling. One measure of
net FeR is the build-up of sediment acid-extractable ferrous iron (Fe(II)AE)
concentration over time. Agricultural wetlands exhibited large seasonal
Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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changes in both pore water Fe(II) and sediment Fe(II)AE concentrations
(Figs. S4A and S4B), with both generally increasing during the growing
and post-harvest seasons and decreasing during the interim draining/
harvest period, likely reflecting the oxidation of Fe(II) back to Fe(III).
The opposite temporal trend was observed for Fe(III)a and Fe(III)c con-
centrations (Figs. S4C and S4D), which generally decreased during the
growing and post-harvest seasons and increased during the draining/
harvest period in the agricultural wetlands. While total iron (FeT),
Fe(III)a, and Fe(III)c concentrations were all significantly higher in
the agricultural wetlands, pore-water Fe(II) and sediment Fe(II)AE
uction in sediment from agricultural and non-agricultural wetlands in
g/10.1016/j.scitotenv.2013.09.098
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concentrations were significantly higher in non-agricultural wetlands
(Table 2). Although the temporal trends described above were evident
in time series (Fig. S4), seasonal differences in agricultural wetlands
were not significant for any of the Fe metrics (via the WRS test).

The temporal and spatial trend in the percentage of FeT that was
Fe(II)AE (%Fe(II)AE) closely paralleled the trends in Fe(II)AE (Figs. S4B
and S4E). While the %Fe(II)AE metric cannot be used to infer microbial
rates, it can be interpreted as representing the continuum of sediment
redox conditions ranging from one poised for FeR (as none of the
Fe(III) has yet been reduced to Fe(II)), to one poised for microbial SR
(as all of the Fe(III) has been reduced to Fe(II)), and thus provides a finite
way to compare the relative redox status (based on Fe) of different sites
and time points along the continuum. In this light, significantly lower
%Fe(II)AE values for the agricultural wetlands, compared to the non-
agricultural wetlands (Table 2), would seem to suggest that the former
are generally more poised for microbial FeR than the latter.

Previous studies (Lovley and Phillips, 1987b; Roden and Zachara,
1996) have shown that Fe(III)a (amorphous Fe(III)) is more readily
available to Fe(III)-reducing bacteria than Fe(III)c (e.g. crystalline
goethite (αFeOOH), hematite (Fe2O3), lepidocrocite (γFeOOH), and
magnetite (Fe3O4)), due to the larger surface area of the amorphous
form (Roden and Zachara, 1996). The concentration of Fe(III)a also
has been shown to be proportional to rates of microbial FeR (Roden
and Wetzel, 2002). Thus, the higher concentrations of Fe(III)a in the
agricultural wetlands, compared to the non-agricultural wetlands, also
suggest that the former were well suited for microbial FeR, particularly
during the growing season.
3.2.3. Carbon chemistry, redox, and pH
Non-agricultural sites had greater median sediment organic matter

concentration (as percent loss on ignition, %LOI), but lower pore-water
dissolved organic carbon (pw[DOC]) and alkalinity (pw[ALK]), than did
agricultural sites (Table 2; Fig. S5A, S5B, and S5D). There were no signif-
icant seasonal differences (WRS test) in %LOI in agricultural wetlands. In
contrast, median concentrations of both pw[DOC] and pw[ALK] were
significantly greater during the growing season than during the post-
harvest season in agricultural wetlands (Table 3). This seasonal trend
was particularly notable in the white and wild rice fields, where pw
[DOC], pw[ALK], and pore-water acetate (pw[Ac]) all increased during
the growing season and then decreased during the draining/harvest
period (Fig. S5B, S5C, and S5D). However, it was during the post-
harvest period (February) when the highest pw[Ac] concentrations
(mean≈ 1400 μmol L−1) were observed in the white rice fields, which
had an abundant amount of decaying rice straw (Fig. S5C). While pw
[Ac] is only aminor subset of the total pw[DOC] pool, it is a key substrate
for heterotrophic bacteria (including sulfate and iron reducers), and thus
is a better proxy for the availability of low molecular weight organic
compounds fueling heterotrophic bacteria than bulk DOC. The build-up
of pw[Ac] during the growing season in agricultural wetlands is thought
to reflect the release of acetate and fermentation precursors from live
plants into soil (Windham-Myers et al., in this issue-c), followed by net
acetate utilization by microbes during late summer and fall after rice
harvest; a second spike during the post-harvest season likely repre-
sents acetate derived from decaying rice straw.

Sediment Eh changed dramatically throughout the study period in
the agricultural wetlands (Fig. S5E), with a pattern similar to that for
Hg(II)R (Fig. S1B) and pw[SO4

2−/Cl−] (Fig. S3B): decreasing during the
growing season, increasing during the draining/harvest period, and
decreasing again during the post-harvest period. This seasonal trend
in agricultural wetlands was the mirror opposite of that for kmeth

(Fig. S1C), pw[H2S] (Fig. S3C), TRS (Fig. S3D), pw[δ34SO4
2−] (Fig. S3F),

and sediment Fe(II)AE (Fig. S4B), illustrating how well the sediment Eh
measurement tracks (or mirrors) individual redox-sensitive species.
Agricultural wetlands were more oxidized (higher Eh) than non-
agricultural wetlands (Table 2), and agricultural wetlands were more
Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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reducing during the growing season compared to the post-harvest
period (Table 3).

Sediment pH decreased modestly (0.1–0.3 pH units) both in rice
growing fields and in the permanentwetland during the growing season
(Fig. S5F), paralleling the increase in pw[Ac] (Fig. S5C) and likely
reflected the increase in organic acids from fermentation reactions and/
or plant root release (Windham-Myers et al., 2009; Windham-Myers
et al., in this issue-c), or possibly the concurrent oxidation of Fe(II) asso-
ciated with the rhizophere (Kirk and Bajita, 1995), although sediment
Fe(II)AE exhibited a net increase during the growing season (Fig. S4B).
This decrease in pH during the growing seasonwas similar to the one re-
ported by Rothenberg and Feng (2012) in their study of Hg cycling in rice
fields in China. However, unlike Eh, there were no statistically significant
spatial or temporal differences (WRS test) noted for sediment pH.

3.3. Net carbon flow through iron and sulfate reduction

In lieu of a reliable approach for assessing rates of microbial FeR via
isotope-enriched short-term incubation, and to compare rates of FeR
with those of SR more directly to assess the relative importance of
these two processes on Hg cycling, a monthly-to-seasonal approach
was taken, where average daily rates of change between subsequent
sampling events were calculated for all Fe and S species and compared
in common units (nmol g−1 d−1 dry wt.) (Supplemental Information
Tables S4 and S5). This assessment in common units verified that solid
phase constituents (i.e., sediment TRS, Fe(II)AE and Fe(III)T) exhibited
much larger net changes over time than did pore-water constituents
(i.e., pw[SO4

2−], pw[H2S], and ferrous iron (pw[Fe(II)])), presumably be-
cause these dissolved pools aremore readily affected by rapid oxidation
reactions, and because they represent a small fraction of the bulk sedi-
ment pool (e.g. pw[H2S] is a minor portion of sediment TRS). Pore-
water constituents were thus excluded from consideration for the pur-
poses of estimating C-flow through FeR and SR, and the increase in TRS
was selected as the best parameter to estimate C-flow through the latter.
Further, based on a detailed examination of temporal changes in sedi-
ment Fe(III)T and Fe(II)AE pools (Supplemental Information, Section C),
it was concluded that oxidation-reduction reactions associated with
these pools were fairly tightly coupled in surface sediment of the agricul-
tural wetlands, and less so in the non-agricultural wetlands, and that the
Fe(II)AE pool is susceptible to more frequent back reactions than the
Fe(III)T pool on the monthly-seasonal time scale. Thus, bulk sediment
Fe(III)T depletionwas determined to be the best candidate for estimating
FeR rates.

Using the generalized stoichiometry for microbial FeR and SR
(Eqs. (2) and (3)), daily rates of Fe(III)T depletion and TRS increase
(Tables S4 and S5) were converted to the common currency of gen-
eralized organic matter (CH2O) oxidation for each time period and
sub-habitat type (Table 4). A limitation of this approach is the inherent
assumption that the periods of observed Fe(III)T decrease and TRS in-
crease are solely reflective of the heterotrophic microbial processes of
FeR and SR, respectively, while in fact Fe(II) and H2S oxidation reactions
are very likely simultaneously occurring in the rhizophere zone (Kirk
and Bajita, 1995; Lee et al., 1999). To the extent that these oxidation re-
actions affect the observed net Fe(III)T decrease or net TRS increase over
time, the impact would be an underestimation of actual C-flow through
microbial FeR and SR using the stoichiometric approach. However, a
statistical (ANOVA) analysis indicated that SR rates estimated from
long-term changes in the TRS pool compared reasonably well to those
measured during short-term incubations with 35SO4

2− radiotracer,
with no significant differences (p N 0.05) in the two approaches under
most comparison scenarios (Supplemental Information, Section D). Be-
cause comparable short-term incubation data does not exist for FeR, the
impact of Fe(II) oxidation reactions on the Fe(III)T depletion calculation
used for estimating FeR is unknown. However, to the extent that such
back reactions may be comparable in effect to what was shown for SR
estimates based upon TRS accumulation, and based on the fact that
uction in sediment from agricultural and non-agricultural wetlands in
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Table 4
Estimated carbon flow through microbial iron and sulfate reduction. [Carbon flow through microbial iron reduction (FeR) and sulfate reduction (SR), was calculated for 0–2 cm surface
sediment based on assumed stoichiometry (see text) and net Fe(III)T decrease or net TRS increase, respectively, between consecutive sampling dates (normalized to daily rates). A period
of net oxidation (OXID) was assumed (and C-flow not estimated) for periods of net Fe(III)T increase or net TRS decrease. C-flowwas also not determined (ND)when data from both con-
secutive sampling dates were not available. Data are organized by Site code, wetland type, and habitat (agricultural, AG; non-agricultural, non-AG). The propagated error term is given in
parentheses ().]

Carbon flow (nmol g−1 d−1) dry wt

Site Type Habitat C-Flow Jun–Jul Jul–Aug Aug–Dec Oct–Dec Dec–Feb

R31 White rice AG FeR 819 (136) OXID OXID ND 109
SR 295 (56) OXID OXID ND 407 (136)

R64 White rice AG FeR OXID 444 (94) OXID ND 208
SR 11 (21) 175 (47) OXID ND 137 (18)

W32 Wild rice AG FeR 429 (68) 616 (187) OXID ND 147
SR 72 (56) 320 (44) OXID ND 59 (28)

W65 Wild rice AG FeR 443 (38) 170 (22) 262 (8) ND 97
SR 62 (19) 149 (73) 23 (46) ND 182 (82)

F20 Fallow AG FeR ND 643 (130) OXID ND OXID
SR ND 144 (31) OXID ND 19 (10)

F66 Fallow AG FeR ND 304 (164) OXID ND 337 (1)
SR ND 316 (67) OXID ND 29 (12)

PW 5 OW Permanent; non-AG FeR 406 (111) OXID 27 (31) ND OXID
Open-water SR OXID 138 (85) 411 (63) ND OXID

PW 5 TUL Permanent; non-AG FeR ND OXID 6 (3) ND OXID
Tule SR ND OXID OXID ND OXID

PW 5 CAT Permanent; non-AG FeR ND 51 (106) OXID ND OXID
Cattail SR ND OXID OXID ND 2049 (1550)

PW 2 Permanent; non-AG FeR ND ND ND ND OXID
open-water SR ND ND ND ND OXID

SW G34N Seasonal non-AG FeR ND ND ND 562 OXID
SR ND ND ND 174 (243) 66 (68)
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Fe(III)T depletion was explicitly selected because it appeared less sus-
ceptible to back reactions compared to the Fe(II)AE pool (Supplemental
Information, Section C), this approach to estimating and directly com-
paring SR and FeR rates based on monthly-seasonal changes in TRS
and Fe(III)T pools, respectively, is useful in trying to understand drivers
of MeHg production in the wetland types studied.

For agricultural wetlands, C-flowwas significantly (ANOVA, p=
0.009) greater through FeR (mean±std. err, 359±59nmolg− d−1,
n=14) compared to SR (150±31nmol g− d−1, n=16), across all
sites and periods for which C-flow was calculated. This trend was even
more pronounced when limited to the growing season, with C-flow in
agricultural fields again significantly (ANOVA, p = 0.001) greater
through FeR (483±72nmol g− d−1, n=8) compared to SR (171±39
nmol g− d−1, n=9). When considering the temporal trends in C-flow
in the agricultural wetlands (only) through both FeR and SR combined,
it is evident that C-flow through these terminal electron accepting pro-
cesses was significantly greater (ANOVA, p=0.046) during the growing
season (632 ± 91 nmol g− d−1, n = 9) than during the post-harvest
season (342±52nmolg− d−1, n=9),which is consistent with the tem-
poral trends in pw[ALK] and pw[DOC] (Table 3).

3.4. Controls on methylmercury production

Net MeHg production is ultimately a function of the availability of
Hg(II) to the community of Hg(II)-methylating bacteria, and of the ac-
tivity of those bacteria (Bridou et al., 2011; Marvin-DiPasquale et al.,
2009b), as well as the rates of biotic (Marvin-DiPasquale et al., 2000)
and abiotic (Sellers et al., 1996) processes that facilitate MeHg degrada-
tion. Setting aside MeHg degradation processes, it is useful to decon-
struct the question regarding what controls MeHg production, at a
given time or place, by asking: 1) What controls Hg(II) availability,
and 2) What controls the activity of Hg(II)-methylating bacteria? In
the current study we have attempted to address this by a) using avail-
able proxy measurements for both Hg(II) availability (i.e., the Hg(II)R
assay) and the activity of the Hg(II)-methylating community (i.e., the
kmeth assay); b) using these independently measured parameters to
calculate MPP rates; c) conducting a detailed examination of sediment
geochemistry; d) examining microbial rates of both FeR and SR; and e)
Please cite this article as: Marvin-DiPasquale M, et al, Methylmercury prod
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examining a geochemically and hydrologically diverse suite of wetlands.
It is important to note that this study was restricted to the uppermost
0–2 cm sediment interval, where microbial rates tend to be greatest and
representing the narrow sediment zone that is in close physical and
chemical communication with the surface water. However, oxidation–
reduction reactions facilitated by plant root/soil interactions in the
rhizosphere, which extendsmuch deeper than the 0–2cm interval, likely
affect the vertical profiles for Hg speciation and Hg-transformation
(Rothenberg and Feng, 2012) inways not addressed in the current study.

One overarching trend seen both in this study and a previous inves-
tigation (Marvin-DiPasquale et al., 2009b) is that environmental condi-
tions that lead to an increase in Hg(II)R concentration tend to lead
simultaneously to a decrease in kmeth, and vice versa (Fig. 1; cf. Fig. S1B
and S1C). Correlation analysis of the complete data set demonstrated
that TRS concentration was positively correlated with kmeth (rp =
0.88) and negatively correlatedwith Hg(II)R (rp=−0.79) (Fig. 3). Sed-
iment TRS was more strongly correlated with these two Hg parameters
than were any of the Fe parameters.

For this suite of sites we conclude that the spatial–temporal varia-
tion in the activity of the Hg(II)-methylating bacterial consortium had
a larger effect on the variability of the MPP rates than did the variation
in Hg(II) availability, based on the 10,000-fold range in kmeth values
compared to a 100-fold range in Hg(II)R concentration for the complete
dataset. This result is consistentwith the findings from an earlier study of
eight diverse stream-bed sediment environments (Marvin-DiPasquale
et al., 2009b).

Iron speciation chemistry also provides unique insight into temporal
changes in Hg(II)-availability and the activity of the Hg(II)-methylating
community. Specifically, for all agricultural wetlands, during the period
of net Fe(II)-oxidation (i.e. August–December), as the rate of Fe(II)-
oxidation increased, kmeth decreased and at an increasing rate,
while Hg(II) concentrations increased at an increasing rate (Fig. 4). Con-
versely, during periods of net FeR, as the FeR rate increased, kmeth in-
creased at an increasing rate, while Hg(II) concentrations decreased at
an increasing rate. However, the high degree of correlation between
the rate (and direction) of change in Fe(II)AE pools and kmeth (rp =
0.84, p b 0.0001), and between the rate (and direction) of change in
Fe(III)T pools and Hg(II)R concentration, does not imply causation.
uction in sediment from agricultural and non-agricultural wetlands in
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Indeed, a very similar trend and degree of correlation (rp = 0.83,
pb0.0001) was observed when the rate of change in TRS concentration
was plotted against kmeth (not shown). However, this novel approach to
examining the changes in sediment geochemistry between sampling
dates points to strong linkages between the biogeochemical cycling of
Fe and Hg. Further, the above-noted positive correlation between in-
creasing rates of FeR and kmeth is consistent with the hypothesis that
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Fe(III)-reducing bacteria are involved to some degree with Hg(II)-
methylation in the suite of agricultural wetlands examined. Finally,
the above analysis of C-flow suggests that microbial FeR out-paced SR
in the agricultural wetlands, particularly during the growing season
(Table 2). Although the information regarding C-flow is less clear in
the non-agricultural wetlands, it seems that SR exceeded FeR during
the majority of the periods when the ‘integration-between-sampling-
events’ approachwas possible (Table 4). It is noteworthy that plots sim-
ilar to those presented in Fig. 4 for non-agricultural wetlands (not
shown) indicated weaker correlations driven by 1 to 2 data points;
thus, the above-mentioned correlations do not hold true for non-
agricultural sites, which were clearly not dominated by microbial FeR.

After deconstructing the MPP rate into its component parts, kmeth

and Hg(II)R, and examining respective controls, metrics for both micro-
bial FeR and SR differed in their power for predicting MPP rates as a
function of wetland setting. Specifically, as both Fe(II)AE and TRS con-
centration increased, MPP rates increased (Fig. 5). However, the slopes
of these relationships were essentially constant in the case of Fe(II)AE,
and almost double in the case of TRS for the agricultural wetlands com-
pared to the non-agricultural, permanently flooded wetlands. In other
words, in terms of a metric for microbial FeR, as sediment Fe(II)AE con-
centrations increased there was a similar response in MPP rates in both
agricultural and permanentwetlands, butwith overall higherMPP rates
in the agricultural wetlands (larger Y-intercept). In contrast, in terms of
a metric for microbial SR, as sediment TRS concentrations increased,
MPP rates increased, but at a faster rate in agricultural wetlands than
in non-agricultural wetlands. Further, Fe(II)AE was only a slightly
better predictor of MPP rates (r2=0.57), compared to TRS (r2=0.52),
in agricultural wetlands. In contrast, TRS was a better predictor of MPP
rates (r2=0.50), compared to Fe(II)AE (r2=0.36), in seasonal wetlands.
These results are consistent with the hypothesis that both FeR and SR
bacteria were involved in MeHg production in both agricultural and
non-agricultural wetlands, but that substantial Fe(II) oxidation in the
rhizosphere of rice growing wetlands (Begg et al., 1994; Kirk and
Fig. 4. X–Y plots of A) the daily rate of change (Δ) in the Hg(II)-methylation rate constant
(kmeth) versus theΔ in acid-extractable ferrous iron (Fe(II)), andB) theΔ in reactivemercury
(Hg(II)R) versus the Δ in total ferric iron (Fe(III)T) concentration, in agricultural wetlands
(only); where Δ is calculated as the difference between two subsequent sampling events
(indicated by symbol style) divided by the number of days between the two events. The ver-
tical and horizontal dashed lines indicate zero change for the parameters associatedwith the
X and Y axes, respectively. A positiveΔ in Fe(II)AE concentration or negativeΔ in Fe(III)T con-
centration is taken to reflect net Fe(III)-reduction for that interval, whereas a negative Δ in
Fe(II)AE or a positive Δ in Fe(III)T concentration is taken to reflect net Fe(II)-oxidation for
that interval, as indicated by the arrows at the top of both panels. The Pearson's correlation
coefficient (rp) and probability (p) are given in each panel.
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Bajita, 1995)may enhance the contribution of SR by replenishing sulfate
through polysulfides (Rothenberg and Feng, 2012). This may also
explain why C-flow estimates were generally higher for FeR in the agri-
cultural wetlands during the growing season (Table 2), but TRS was
more strongly correlated with kmeth (Fig. 3), than with the Fe metrics.
4. Conclusions

Through examination of sediment Fe, S, C, and Hg biogeochemistry,
this study has demonstrated how conditions associated with
agricultural wetland (rice cultivation) management can impact both
the availability of Hg(II) formethylation and the activity of Hg(II)-meth-
ylating microbes. Overall, more MeHg was produced in surface sedi-
ment of agricultural wetlands than in non-agricultural wetlands.
Sediment oxidation associated the drawdown of water on agricultural
wetlands led to increased Hg(II)R concentrations and a subsequent
spike in MeHg production upon re-flooding during the post-harvest
winter period, which was most pronounced in fields that were re-
flooded to decay rice straw from the previous harvest. Evidence pre-
sented suggests that, compared to periods when agricultural soils
were fully saturated, very high levels of both Hg(II)R and MeHg can be
preserved in drained and fully dried sediment. Upon re-flooding, some
portion ofMeHgflux from the sediment to the surfacewatermay reflect
the rapid release of MeHg formed during the preceding wet period. Mi-
crobial FeR appeared to dominate C-flow in agricultural wetlands dur-
ing most of the year, although microbial SR was clearly also active.
Periods of net oxidation or reduction, as reflected in temporal changes
in bulk sediment Fe(III)T and Fe(II)AE pools, were strongly correlated
with temporal changes in both Hg(II)R and kmeth. While we could not
definitively determine if SR or FeR dominated MeHg production, it is
likely that both played a role to some degree. In agricultural wetlands,
Fe(II)AE concentration was equally good (if not slightly better) than
was TRS concentration as a predictor of MeHg production potential
rates.
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